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A B S T R A C T

Persistent organic pollutants (POPs) such as polycyclic aromatic hydrocarbons (PAHs) and polychlorinated bi
phenyls (PCBs), with emerging contaminants such as nano-microplastics, continue to raise concerns for both 
wildlife and human health. This study evaluated the sub-lethal effects of environmentally relevant concentrations 
of single and mixtures of PAHs, PCBs, in co-exposure with polystyrene (PS) nanoplastics during the early life 
stages of zebrafish (Danio rerio). Larvae (n = 25/treatment) were exposed from 2 to 5 days post-fertilization (dpf) 
in semi-static renewal conditions in temperature (28 ± 1 ◦C) controlled aquaria. Mixtures of PAHs and PCBs 
triggered in vivo cytochrome P450 (CYP450) biotransformation activity, which aligned with increases in mass- 
specific metabolic (oxygen consumption) rate (MO₂). This elevation in MO₂ suggests a heightened requirement 
for molecular oxygen, likely supporting CYP450-mediated mono‑oxygenation pathways. Exposure to PS nano
plastics alone (0.1 μm beads at 10 μg/L) did not significantly alter any measured endpoints. In contrast, co- 
exposure of PS nanoplastics with either phenanthrene (PHE) or PCB 81 produced 70% and 57% increases in 
MO₂, respectively. Significant reductions in cardiac blood flow were detected in larvae exposed to PCB 18 + PS, 
PCB 81 + PS, and PCB 105 + PS, indicating that PCBs co-exposure with PS were the primary contributors to the 
observed cardiovascular impairments rather than PS nanoplastics alone. Collectively, these results emphasize the 
value of studying multivariate sub-lethal effects of persistent contaminants (PAHs, PCBs) and emerging pollut
ants such as nanoplastics in various environmentally relevant concentration mixtures to understand contaminant 
toxicity.

1. Introduction

Concerns about the potential health impacts of micro and nano
plastic exposure on both wildlife and humans have continued to grow 
(Kannan and Vimalkumar, 2021; Wei et al., 2022; Li et al., 2023; C.J. Hu 
et al., 2024; Jeong et al., 2024; Nihart et al., 2025). Research indicates 
that 60% of marine mammals, 50% of sea birds, and 42% of fish have 
ingested plastics from the environment (Ugwu et al., 2021). Plastics, first 
developed in the 1940s, rapidly became widely adopted due to their 
favorable characteristics, including flexibility, low weight, durability, 
low cost, and low thermal conductivity (Andrady, 2011). Since their 

introduction, global plastic production has expanded dramatically from 
15 million tons to 335 million tons over the past 70 years (Gall and 
Thompson, 2015; Dawson et al., 2018). In the environment, plastics 
undergo slow degradation primarily through photooxidation, thermal 
oxidation, mechanical abrasion, and microbial action, all of which 
progressively weaken polymer chains and generate smaller particles 
(Singh and Sharma, 2008; Chamas et al., 2020; Zhang et al., 2021; 
Sharma et al., 2022). As these processes proceed, macro-plastics (> 5 
mm) fragment into microplastics (1 μm – 5 mm) and nanoplastics (< 1 
μm) of diverse shapes and sizes (Qiao et al., 2019; Bermúdez and 
Swarzenski, 2021).
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Marine organisms can become entangled in larger plastic items such 
as discarded fishing gear, plastic bags, and other debris, which can inflict 
physical injuries and impair essential behaviors such as swimming and 
foraging (Gregory, 2009; Wang et al., 2023). Moreover, marine species 
may mistake plastic materials for prey, resulting in ingestion and sub
sequent internal damage (Sigler, 2014). This threat is particularly pro
nounced for sea turtles, seabirds, fish, and marine mammals. Once 
ingested, plastics can obstruct the digestive tract, reduce nutrient up
take, and ultimately lead to malnutrition, starvation, or mortality 
(Kenyon and Kridler, 1969; Gregory, 2009; Tong et al., 2023; Garcês 
et al., 2024). Furthermore, smaller nanoparticles (< 1 μm) can tra
verse through the gut epithelium and penetrate various tissue and affect 
gut microbiome, enzymatic activity and cell metabolism (Deng et al., 
2017; Donkers et al., 2022; Guo et al., 2022; Toto et al., 2022). Docu
mented toxicological effects of microplastics include the induction of 
oxidative stress (Barboza et al., 2018; Pitt et al., 2018; Liu et al., 2019), 
altered gene expression (associated with cytochrome and vitellogenin) 
(Sleight et al., 2017; Qu et al., 2018), genotoxicity (Brandts et al., 2018), 
changes in neural development (LeMoine et al., 2018), endocrine system 
disruption Rochman et al. (2014a), neurotoxicity (Barboza et al., 2018), 
and reproductive abnormalities (Tang et al., 2018). The bio
accumulation and trophic transfer of nano-microplastics (NMPs) and 
their associated chemicals (plasticizers such as phthalates (e.g., di(2- 
ethylhexyl) phthalate, DEHP), bisphenol A (BPA), and other bisphenol 
analogues) can expose higher-level predators including humans to these 
hazards (Wright et al., 2013; Yang et al., 2015).

Furthermore, plastics can function as carriers of variety of environ
mental chemicals including flame retardants, persistent organic pollut
ants (POPs), pesticides, and heavy metals through adsorption to plastic 
surfaces (Brennecke et al., 2016; Wang et al., 2016). Among the 
persistent pollutants, polycyclic aromatic hydrocarbons (PAHs) 
comprise commonly detected pollutants. Low molecular weight PAHs 
(LMW, ≤3 aromatic rings, petrogenic) are volatile and undergo rapid 
degradation in the environment (Honda and Suzuki, 2020). In contrast, 
high molecular weight hydrocarbons (HMW, ≥4 aromatic rings, pyro
genic) exhibit greater environmental persistence and enhanced toxic 
potency (Incardona et al., 2011). Increases in aromatic ring number (and 
therefore molecular weight) have been linked to elevated bio
accumulation potential and heightened toxicity (Southworth et al., 
1978; Black et al., 1983). PAHs are known to induce a wide range of 
adverse effects, including metabolic disruption, hemolytic anemia, 
endocrine disturbances, osmoregulatory impairment, and teratogenic 
outcomes across diverse taxa (Vandermeulen, 1987; Billiard et al., 2006; 
Knecht et al., 2013; Incardona and Scholz, 2016; Cunha et al., 2020; 
Honda and Suzuki, 2020; Sørensen et al., 2020). Polychlorinated bi
phenyls (PCBs), historically used as dielectric fluids and coolants in 
electrical equipment, were banned in the late 1970s due to mounting 
environmental and health concerns (Boyle and Highland, 1979), and are 
therefore classified as legacy POPs. Despite regulatory restrictions, PCBs 
continue to be detected in aquatic environments and associated biota 
because of their long environmental half-lives, and slow degradation 
rates (Porta and Zumeta, 2002). PCBs and their metabolites can disrupt 
immune function, impair neurodevelopment, alter endocrine signaling, 
compromise reproduction, and increase cancer risk in exposed organ
isms including humans (Sericano et al., 1994; Carpenter, 1998; Winneke 
et al., 2002; Ulbrich and Stahlmann, 2004; Van den Berg et al., 2006; 
Goncharov et al., 2011; Hamers et al., 2011; Singleman et al., 2021; Y. 
Hu et al., 2024).

PAHs, PCBs, and nano-microplastics (NMPs) frequently co-occur in 
marine environments, making their combined effects an important area 
of investigation. In this study, the effects of exposure to selected indi
vidual PAH and PCB congeners, as well as their mixtures with a model 
nanoplastic—polystyrene (PS) latex beads (0.1 μm aqueous suspension, 
density adjusted for freshwater)—were evaluated. Toxicity assessments 
were conducted using larval zebrafish (Danio rerio) as the model or
ganism due to their established use in aquatic toxicology, conserved 

metabolic pathways, and transparent early-life stages that allow direct 
visualization of internal organs and physiological responses as part of 
new approach methodologies (NAM) in environmental toxicology 
(Tanguay, 2018, 2025). The larvae were exposed from 2 to 5 days post- 
fertilization (dpf), corresponding to a 72-hour exposure window. Sub- 
lethal endpoints were measured to characterize physiological re
sponses, including metabolic rate (oxygen consumption), xenobiotic 
biotransformation activity via ethoxyresorufin-O-deethylase (EROD) 
assays, and multiple cardiac performance metrics (heart rate, blood 
flow, and stroke volume). In addition, the nominal plastics exposure 
concentration selected, i.e., ≤10 μg/L, reflected the surface water con
centrations of NMPs that have been quantified in various coastal/estu
arine ecosystems along the Gulf of Mexico (Wharton et al., 2024; Gahn 
et al., 2025; Mortuza et al., 2025). We hypothesized that co-exposure of 
larval zebrafish to selected PAHs/PCBs and nanoplastics would produce 
additive or synergistic toxicity relative to exposure to PAHs or PCBs 
alone. Using environmentally relevant congeners and concentrations 
(Mortuza et al., 2025), we aimed to characterize the sub-lethal effects of 
these mixtures at concentrations reflecting their bioaccumulation in 
exposed biota.

2. Methods

2.1. In vivo toxicity study design using larval zebrafish

Newly fertilized zebrafish (Danio rerio) embryos (wild-type, AB 
strain) were obtained from the Zebrafish International Resource Center 
(ZIRC) in Eugene, OR. All animal handling and experimental procedures 
were performed under an approved Institutional Animal Care and Use 
Committee (IACUC) protocol (2024–0013) at Texas A&M University at 
Galveston. The toxicological exposure design consisted of exposing 
larvae at two days post-fertilization (dpf) to selected pollutants or 
pollutant mixtures for a total duration of three days (72 h), ending at 5 
dpf. Fish were maintained under a semi-static renewal regime in which 
50% of the exposure medium in each treatment aquarium was replaced 
daily throughout the experiment. Charcoal-filtered freshwater was 
sourced from the Sealife Facility at Texas A&M University at Galveston 
(TAMUG) and used to prepare stock solutions of the chemical mixtures. 
These mixtures were aerated and maintained at 28 ± 1 ◦C until their use 
in the semi-static renewal process. Exposures were conducted in 250 mL 
glass beakers containing 200 mL of aerated freshwater maintained at 28 
± 1 ◦C, pH 7.0–7.5, dissolved oxygen > 6 mg/L, nitrite < 0.1 mg/L, 
nitrate < 10 mg/L, and ammonia < 0.02 mg/L under a 14 h light: 10 h 
dark cycle, consistent with optimal conditions for zebrafish larvae. Up to 
30 larvae were assigned to each chemical treatment.

The single-compound toxicity assays involved exposures to selected 
PAH and PCB congeners, chosen based on their concentrations and 
detection frequencies in biota previously collected from Matagorda Bay 
(plastic production hub) to understand likely sub-lethal mixtures 
toxicity effects due to their bioaccumulation in exposed biota (Mortuza 
et al., 2025). Biota body-burden data were used due to the scarcity of 
PAHs, PCBs, and NMPs data in the surface waters of the area of interest 
(Matagorda Bay) after Formosa plastic spill (after 2017), and tissue 
concentrations from our previous work better reflect the mixtures that 
bioaccumulate in exposed organisms. Specifically, PAHs and PCBs were 
selected for single-compound or mixture testing only if they accounted 
for more than 20% of the total body burden in more than 20% of the 
sampled fish species. The PAHs shortlisted for individual exposures 
included phenanthrene (PHE; 0.2 μM, 35.65 μg/L), pyrene (PYR; 0.1 μM, 
20.23 μg/L), benzo[a]anthracene (BaA; 0.6 μM, 136.97 μg/L), and 
indeno[1,2,3-cd]pyrene (IcdP; 0.1 μM, 27.63 μg/L), as summarized in 
Table 1 and Supplementary Fig. 1. The selected PCB congeners and their 
exposure concentrations were PCB 18 (0.1 μM, 25.75 μg/L), PCB 81 
(0.02 μM, 5.84 μg/L), and PCB 105 (0.04 μM, 13.06 μg/L). Additionally, 
published LC₅₀ values for individual PAHs and PCBs were consulted to 
ensure that the selected individual contaminant concentrations were 
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well below lethal thresholds, allowing us to observe sublethal effects 
(Black et al., 1983; Eisler and Belisle, 1996; Verbruggen, 2012; Honda 
and Suzuki, 2020). Dimethyl sulfoxide (DMSO) was used as the sol
vent control at 0.1% (v/v) in water and included in all treatment groups 
to ensure consistent solvent exposure, facilitate dissolution of hydro
phobic PAH and PCB congeners, and aid in maintaining uniform sus
pension of the polystyrene (PS) nanoplastic particles. Stock solutions 
were prepared in 1-L Erlenmeyer flasks, continuously aerated and 
maintained in a 28 ± 1 ◦C water bath; before each semi-static renewal, 
the mixtures were homogenized using a magnetic stir bar to ensure 
uniform dispersion. All chemical standards were obtained from Sigma- 
Aldrich (St. Louis, MO, USA).

Polystyrene (PS) latex beads (0.1 μm; Sigma-Aldrich, Cat. #LB1) 
were selected as the representative nanoplastic for this study and were 
used at a final exposure concentration of 10 μg/L. PS was chosen because 
it is one of the most widely produced plastics and is frequently detected 
in the tissues of fish and other aquatic organisms (Ding et al., 2018; 
Assas et al., 2020; Wang et al., 2021; Leslie et al., 2022). The plastic 
concentration was based on recent studies showing up to 33 μg/L nano- 
microplastics in Galveston Bay surface water with a median of 12 μg/L 
(Gahn et al., 2025). Furthermore, Umamaheswari et al. (2021) have 
shown an aqueous suspension of 10 μg/L PS (0.1 μm) to be readily 
bioaccumulated by adult zebrafish. The aqueous suspension (density 
adjust for freshwater) of PS particles, combined with aeration and semi- 
static renewal of water, ensured that the nanoplastics remained well 
dispersed throughout the aquaria. In addition to the single-compound 
toxicity assays, a series of mixture exposures in which each individual 
PAH or PCB congener was combined with PS nanoplastic particles (10 
μg/L) were also conducted. Beyond these pairwise combinations, addi
tional treatments included mixtures containing all selected PAHs or all 
selected PCBs, as well as All PAHs + PS, All PCBs + PS, a combined All 
PAHs + All PCBs mixture, and finally an All PAHs + All PCBs + PS 
mixture. All PAH exposures were conducted concurrently as one batch, 
all PCB exposures were conducted concurrently as another batch, and 
the mixture treatments were performed together in a third separate 
batch, each with its own solvent control. All mixture formulations are 
summarized in Table 1.

At the end of each exposure period, all larvae were assessed for 
mortality (at terminal endpoint), and deceased larvae were excluded 
from analysis that requires live specimen. A subset of ten larvae per 
treatment group was transferred to a multi-well micro-respirometry 
plate to quantify oxygen consumption (metabolic rate) over a period of 
less than three hours. A separate group of five larvae was used to mea
sure key morphological parameters, including overall length, develop
mental defects (craniofacial area, craniofocal area reduction), and 
cardiac performance (heart rate, stroke volume, blood flow). The 

remaining subset of ten larvae was incubated in a solution containing a 
chromogenic substrate to evaluate xenobiotic metabolic rate (CYP1A 
activity) using the EROD assay. All subsets were drawn from a single 
exposure vessel per treatment; these larvae therefore constitute pseu
doreplicates within the same vessel. Detailed descriptions of each assay 
are provided in the sections below.

2.2. Analytical chemistry for PAHs and PCBs quantification in the 
exposure aquaria

A 1 mL water sample was collected from each treatment group on 
each day of the exposure trial, with samples taken from each beaker both 
before and after the semi-static renewal of the exposure aquaria. The 
samples collected were dried using a LABCONCO FreeZone Bulk Tray 
freeze dryer (Cat # 7755040). The samples were then spiked with in
ternal standards for PAHs and PCBs (BaP-d₁₂ and PCB 65-d₅, each at a 
final concentration of 2.5 μg/mL) and subsequently reconstituted in 
dichloromethane (DCM; Sigma-Aldrich, Cat. #34856) to a 40× con
centration factor. Blanks comprising of solvent control (0.1% DMSO) 
were also processed and analyzed similar to the exposure aquaria, and 
any signal above background was subtracted from the exposure aquaria 
samples. GC–MS analysis was performed on the water samples to 
quantify PAH and PCB concentrations, while Py-GCMS/MS was used to 
measure nanoplastic (PS) levels following an established protocol (Gahn 
et al., 2025). Measured concentrations of all pollutants were then 
compared with their corresponding nominal exposure levels to verify 
accuracy of the dosing treatments.

2.3. The assessment of zebrafish body morphometry and cardiovascular 
physiology

A subset of larvae from each treatment group (n = 5) was used to 
assess a range of morphometric and functional parameters. Images and 
videos of individual fish were captured using an electric stereo micro
scope (ZEISS SteREO Discovery V8, Germany) equipped with a Basler 
camera and Pylon Viewer software (version 7.4.0.14900; Ahrensberg, 
Germany). Morphometric parameters—including total length, cranio
facial area, and craniofocal area—were quantified alongside cardio
vascular performance metrics including heart rate (beats/min) and 
arterial blood flow activity (% blood flow) using DanioScope software 
(version 1.2.206; Noldus Inc., Netherlands). Net mortality was also 
noted per treatment group at the end of the exposure period. Heart rate 
was determined by identifying the area of the heart within the software, 
which then measured the change in pixel per minute (of the captured 
video) to calculate heart beat (Noldus, 2025). Similarly, arterial flow 
activity was quantified by measuring the percent change in pixel (pro
portional to blood flow) within the selected artery exiting the heart, 
providing a proxy for blood-flow rate (Noldus, 2025).

To calculate Stroke Volume (volume of blood pumped from the 
ventricle per beat), the volume of the heart ventricle was determined 
using the videos captured from the Zeiss microscope analysis. Images of 
the ventricle in systole (contraction of heart muscles) and diastole 
(relaxation of heart muscles) were used to measure the surface area of 
the ventricle (at systole and diastole). The heart volume at systole and 
diastole was subsequently determined using the following formula 
(where: HV = heart volume, L= longitudinal length, W= latitudinal 
width) (Hoage et al., 2012; Naderi et al., 2024): 

Heart Volume (HV) =
π
6
× L×W2 

Finally, the cardiac volume at systole and diastole were used to 
calculate the Stroke Volume (in μL) using the following formula (where: 
SV= stroke volume, EDV= end diastolic volume, ESV= end systolic 
volume) (Hu et al., 2001; Bruss and Raja, 2025): 

Stroke Volume (SV) = EDV − ESV 

Table 1 
A list of the nominal concentrations of single chemical compounds and their 
mixtures as tested in toxicity studies with 2 dpf larval zebrafish. PS = poly
styrene latex beads (0.1 μm) at 10 μg/L final concentration. All groups contain 
0.1% DMSO.

Treatments Without PS With PS

Solvent control (0.1% DMSO) Plastic- PS (polystyrene, 10 
μg/L)

PAHs 1. Phenanthrene (0.2 μM, PHE) 1. Phenanthrene (0.2 μM) + PS
2. Pyrene (0.1 μM, PYR) 2. Pyrene (0.1 μM) + PS
3. Benzo[a]anthracene (0.6 
μM, BaA)

3. Benzo[a]anthracene (0.6 
μM) + PS

4. Indeno[123-cd]pyrene (0.1 
μM, IcdP)

4. Indeno[123-cd]pyrene (0.1 
μM) + PS

PCBs 1. PCB 18 (0.1 μM) 1. PCB 18 (0.1 μM) + PS
2. PCB 81 (0.02 μM) 2. PCB 81 (0.02 μM) + PS
3. PCB 105 (0.04 μM) 3. PCB 105 (0.04 μM) + PS

All PAHs þ
PCBs

1. All PAHs 1. All PAHs + PS
2. All PCBs 2. All PCBs + PS
3. All PAHs + PCBs 3. All PAHs + PCBs + PS
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At the conclusion of each experiment, all larvae were humanely 
euthanized via cold-stunning in an ice bath (4 ◦C), followed by cervical 
severing, in accordance with an approved IACUC protocol.

2.4. EROD assay

A subset of larvae from each treatment group (n = 10) was used to 
quantify pollutant biotransformation capacity using the EROD assay. 
This assay measures the activity of the Phase I xenobiotic-metabolizing 
enzyme CYP1A1, which plays a central role in the biotransformation of 
contaminants such as PAHs and PCBs (Nilsen et al., 1998; Whyte et al., 
2000; Noury et al., 2006). The procedure followed the protocol 
described by Noury et al. (2006). Briefly, ten larvae from each treatment 
were transferred into individual wells of a 12-well plate, each containing 
2 mL of 1.5 μM 7-ethoxyresorufin (ER), the fluorogenic substrate for the 
assay. The conversion of ER to its fluorescent product, resorufin, via 
CYP1A1 catalytic activity, was quantified after a 4-h incubation using a 
fluorescence plate reader. Resorufin was detected at 587 nm with 
excitation at 545 nm (Noury et al., 2006). All measurements were 
calibrated against a 12-point resorufin standard curve ranging from 2 
μM to 0.001 μM. At the conclusion of each experiment, all larvae were 
humanely euthanized via cold-stunning in an ice bath (4 ◦C), followed 
by cervical severing, in accordance with an approved IACUC protocol.

2.5. Metabolic rate assessment using micro-respirometer

The oxygen consumption rate of 5 dpf larval zebrafish (i.e., at test 
termination) was measured using a 24-well micro-respirometry system 
(Loligo® Systems; Viborg, Denmark). This system quantifies dissolved 
oxygen via optical fluorescence within gas-tight 1.7 mL wells. Individual 
larvae were placed into separate wells to record changes in oxygen 
concentration over time. Each well contained an integrated oxygen 
sensor that was calibrated prior to use with 10% sodium sulfite in 
deionized water (0% oxygen saturation) and fully aerated water (100% 
saturation). For each treatment, ten larvae were loaded into individual 
wells, while four additional wells containing only water served as blanks 
for baseline oxygen measurements. Larvae were allowed a 30-minute 
acclimation period before recording began. Oxygen levels in each well 
were then monitored for up to 3 h to determine metabolic rate across 
treatments. At the end of the assay, larvae were humanely euthanized by 
cold-stunning in an ice bath (4 ◦C), in accordance with an approved 
IACUC protocol. Euthanized fish were subsequently frozen and later 
dried in pre-weighed weigh boats for 24 h at 0.20 mbar vacuum and 
− 80 ◦C using a LABCONCO freeze dryer. The dried larvae were weighed 
(including the weigh boat) using a Sartorius Cubis microbalance (model 
CPA2P) to determine dry mass, which was used to calculate mass- 
specific metabolic rate (MO₂).

Measurement of oxygen consumption provides an estimate of whole- 
organism bioenergetics, or metabolic rate (Fry, 1971; Lapointe et al., 
2014). This parameter reflects the organism's capacity to allocate en
ergy toward essential functions such as survival, growth, and locomo
tion, and is therefore widely used as an indicator of physiological 
performance and fitness (Brett, 1964; Priede, 1985; Reidy et al., 2000; 
Pettersen et al., 2016, 2018; Somero et al., 2017). Mass-specific meta
bolic rate (MO₂) was calculated using the equation adapted from 
Petersen and Gamperl (2010): 

MO2 =
[( (

Ci − Cf
)
×Vc

)
× 60

]
×(m × t)− 1 

where Ci is the initial dissolved oxygen concentration (mg O₂/L), Cf is 
the final concentration (mg O₂/L), Vc is the respirometer chamber vol
ume (L), m is the dry mass of the fish (kg), and t is the duration of the 
measurement (min). Resulting MO₂ values, originally expressed as mg 
O₂/kg/min, were converted to μg O₂/mg/h to facilitate comparison with 
previously published studies on larval zebrafish (Barrionuevo and 
Burggren, 1999; Bagatto et al., 2001; Barrionuevo et al., 2010).

2.6. Statistical analysis

Statistical analyses were performed in R (v4.1.3) using the tidyr and 
ggplot2 packages (Wickham, 2016; Wickham et al., 2024; R, 2025). Data 
normality was assessed using the Shapiro–Wilk test, followed by Lev
ene's test to evaluate homogeneity of variances. For pairwise compari
sons between treatment vs treatment + PS (e.g., between PCB 81 vs PCB 
81 + PS) either a parametric t-test or a non-parametric Mann-Whitney U 
test was applied, depending on data distribution. For datasets involving 
solvent control vs treatment and treatment + PS (e.g., PCB 81, PHE, etc. 
with and without PS) ANOVA was used for parametric data, followed by 
Tukey's post hoc test. For non-parametric data, group differences were 
evaluated using the Kruskal-Wallis test, with Dunn's post hoc test 
applied for pairwise comparisons where appropriate. Statistical signifi
cance was defined as p < 0.05.

To classify mixture interactions as additive, synergistic, or antago
nistic, the Bliss Independence (independent action) model was applied 
(Bliss, 1939). For each endpoint, individual treatment effects were 
expressed as fractional changes relative to the solvent control (f =
[Etreatment − Econtrol] / Econtrol), and the predicted combined effect was 
calculated as fAB = fA + fB − (fA × fB), where fA and fB represent the 
fractional effects of the single compound and PS, respectively. The 
predicted additive mixture response was back-transformed as Epredicted 
= Econtrol × (1 + fAB). Observed mixture responses exceeding the Bliss 
prediction were classified as synergistic, and those falling below as 
antagonistic, with strict additivity indicated by no significant departure 
from the predicted value. The significance of each deviation (Δ = Eob

served − Epredicted) was assessed using a one-sample t-test, and signifi
cance was defined as p < 0.05. Principal component analysis (PCA) was 
conducted using the prcomp function with variable standardization, 
resulting in a correlation-based PCA. The PCA results were visualized as 
a biplot using ggplot2. For multivariate correlation analyses, non- 
parametric Spearman rank correlations were performed, with signifi
cance set at p < 0.05.

3. Results

3.1. Exposure aquaria treatment concentrations

The overall actual chemical concentrations across the treatment 
groups varied from 0.4% (for PCB 18) to 20.3% (for BaA) (Supple
mentary Table 1). The measured concentrations for each compound in 
the aquaria water were: 0.89 ng/mL (0.0050 μM) for PHE, 0.81 ng/mL 
(0.0040 μM) for PYR, 27.85 ng/mL (0.122 μM) for BaA, 3.04 ng/mL 
(0.0110 μM) for IcdP, 0.10 ng/mL (0.00039 μM) for PCB 18, 0.15 ng/mL 
(0.00051 μM) for PCB 81, and 0.88 ng/mL (0.0027 μM) for PCB 105 
(Supplementary Table 1). These exposure levels, i.e., min – max of 
0.81–27.85 ng/mL for PAHs; and 0.1–0.88 ng/mL for PCBs, were within 
range of dissolved total PAHs (0.01–17.05 ng/mL) and PCBs 
(0.046–0.312 ng/mL) measured in the surface waters of various estua
rine ecosystems (Rifai and Palachek, 2007; Lakshmanan et al., 2010; 
Howell et al., 2011; Williams et al., 2017; Bacosa et al., 2020).

All individual contaminant exposure levels tested were well below 
their respective literature LC50 values both at nominal and actual con
centrations, confirming that treatments were within the sublethal range 
(Black et al., 1983; Eisler and Belisle, 1996; Monosson, 2000; 
Verbruggen, 2012; Honda and Suzuki, 2020). For example, (Supple
mentary Table 2) PYR LC50 is approximately 0.02 μM (5× lower than the 
actual concentration tested). BaA LC50 is 1.09 μM versus a nominal 
concentration of 0.6 μM (1.8× lower) and actual concentration of 0.12 
μM (9× lower). IcdP LC50 is >1.29 μM, compared to 0.1 μM nominal 
(12.9× lower). PCB 18 LC50 is 0.33 μM versus 0.1 μM nominal (3.3×
lower). These comparisons demonstrate that actual exposure levels were 
far below acute toxicity thresholds while remaining within environ
mentally relevant levels.
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3.2. Exposure effects on morphometric parameters

Exposure of larval zebrafish to the selected pollutants resulted in a 
statistically significant reduction in total length relative to the solvent 
control (0.1% DMSO) only for the BaA + PS mixture (p = 0.01) 
(Table 2). The mean length of larvae in the solvent control group (3.9 ±
0.03 mm) falls within the expected range for ~5 dpf zebrafish, which 
typically measure under 5 mm at this developmental stage (Singleman 
and Holtzman, 2014).

For dry weight, exposure to BaA alone resulted in a statistically 
significant 58% increase in body mass relative to the solvent control 
(0.1% DMSO). Exposure to IcdP or IcdP + PS also significantly elevated 
body weight, by 59% and 53%, respectively (Table 2). PCB 105 similarly 
produced a significant 31% increase in body weight compared to the 
solvent control. In contrast, co-exposure to PCB 81 + PS and PCB 105 +
PS significantly reduced body weight by 43% and 29%, respectively 
(Table 2). Finally, larvae exposed to the All PAHs mixture alone 
exhibited a 63% reduction in body weight relative to the solvent control 
group (Table 2).

Craniofacial developmental defects were observed (Fig. 1) in treat
ment groups PCB 81, All PCBs, All PAHs + PCBs and All PAHs + PCBs +
PS. Fish exposed to BaA and BaA + PS exhibited the greatest reductions 
in lateral ocular area (− 22% and − 30%) and lateral craniofacial area 
(− 14% and − 17%), both significantly smaller compared to the solvent 
control (0.1% DMSO). PCB 81 + PS, All PAHs + PCBs, and All PAHs +
PCBs + PS also showed reductions in ocular (− 11%, − 19%, − 16%) and 
craniofacial area (− 17%, − 9%, − 12%), though these differences were 
not statistically significant compared to the solvent control. In terms of 
mortality, All PAHs + PCBs and All PAHs + PCBs + PS groups showed 
100% (represented in Fig. 1c) mortality on the second day of exposure. 
PCB 81 and PCB 81 + PS showed 23% and 27% mortality respectively at 
test termination. Control groups showed no mortality. Sub-lethal end
points were not assessed for groups exhibiting 100% mortality.

3.3. Exposure effects on mass specific EROD activity

Because the EROD activity dataset contained pseudo-replication, 
statistical comparisons were not performed; instead, a single mean 
value was calculated for each treatment group. Consequently, EROD 
responses were evaluated qualitatively using multivariate PCA (Fig. 2) 
and correlational analysis with MO2 (Fig. 3). Even without formal sta
tistical testing, several clear trends emerged. For the PAH exposures, 
both PHE and PHE + PS induced elevated EROD activity, showing 59% 
and 57% increases, respectively, relative to the solvent control (Table 3). 
Among the PCB treatments, larvae exposed to PCB 81 + PS exhibited a 
51% increase in EROD activity compared to the solvent control 
(Table 3). Across the mixture treatments, all groups containing com
bined PAHs or PCBs showed higher EROD activity than the solvent 
control. The All PCBs mixture produced the strongest response, with an 
80% increase in activity. The All PAHs mixture resulted in a 48% in
crease, while the All PAHs + PS group showed a 52% elevation. Larvae 
in the All PCBs + PS treatment exhibited a 44% increase in EROD ac
tivity relative to the solvent control (Table 3).

3.4. Exposure effects on mass specific metabolic rate (MO2)

Overall, the MO₂ patterns observed across single-compound and 
mixture exposures closely mirrored the trends reported for mass-specific 
EROD activity (Table 3; Fig. 3). Among the PAH treatments, PHE and 
PHE + PS produced 46% (statistically significant) and 70% (not signif
icant) increases in metabolic rate, respectively, relative to the solvent 
control. The lack of statistical significance for the PHE + PS group likely 

Table 2 
Total length (n = 5) and dry weight (n = 10) of zebrafish exposed to single 
compounds and/or mixtures of a) PAHs (+PS), b) PCBs (+PS), and c) combined 
PAHs, PCBs, and PS. Asterisks (*p < 0.05, **p < 0.01, ***p < 0.001) indicate 
significant differences from the solvent control, whereas different letters denote 
significant differences among treatment groups with and without PS.

Treatments Length (mm) Weight (mg)

Without PS With PS Without PS With PS

PAHs
Solvent 

control
3.92 ± 0.03 3.94 ± 0.03 0.02 ± 0.00 0.02 ± 0.00

PHE 3.95 ± 0.04 3.97 ± 0.03 0.01 ± 0.00 0.01 ± 0.00
PYR 3.82 ± 0.04 3.89 ± 0.06 0.02 ± 0.00 0.04 ± 0.00
BaA 3.75 ± 0.07 3.67 ±

0.06**
0.05 ±
0.01***

0.04 ± 0.01

IcdP 3.82 ± 0.03 3.81 ± 0.05 0.05 ±
0.00***

0.04 ± 0.00*

PCBs
Solvent 

control
3.85 ± 0.02 0.05 ± 0.00

PCB 18 3.86 ± 0.04 3.83 ± 0.04 0.07 ± 0.00 0.06 ± 0.01
PCB 81 3.80 ± 0.06 3.68 ± 0.07 0.07 ± 0.01 a 0.04 ± 0.00* 

b
PCB 105 3.91 ± 0.04 3.88 ± 0.02 0.07 ± 0.01** 

a
0.05 ± 0.00 b

All PAHs/PCBs
Solvent 

Control
3.74 ± 0.06 0.02 ± 0.00

All PAHs 3.74 ± 0.03 3.77 ± 0.02 0.02 ± 0.00 0.02 ± 0.00
All PCBs 3.75 ± 0.06 3.65 ± 0.03 0.01 ±

0.00***
0.01 ± 0.00

Fig. 1. Images of representative larval zebrafish (5 dpf, 65× magnification) 
exposed to a) solvent control (DMSO), b) PCB 81 and c) all PAH + PCB, illus
trating reduced craniofacial area in both b) and c) as well as fin malformation 
and pigmentation in c). The larvae represented in c) are deceased.
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reflects its higher variability (98% coefficient of variation) compared 
with the PHE-only group (50% CV). Consistent with the EROD results for 
PCB exposures, larvae in the PCB 81 + PS group exhibited a 57% in
crease in MO₂ relative to the solvent control, although this difference 
was not statistically significant due to substantial variability (~78% CV) 
(Table 3). Finally, in agreement with the strong EROD response 
observed for the All PCBs mixture, larvae exposed to this treatment 
showed a statistically significant 84% increase in MO₂ compared to the 
solvent control. In contrast, the All PCBs + PS group exhibited a sig
nificant 47% reduction in MO₂ relative to the All PCBs-only treatment 
(Table 3).

3.5. Exposure effects on cardiac parameters

Analysis of heart rate across all treatment groups revealed no 

statistically significant effects of pollutant exposure (Table 4). The BaA 
+ PS mixture was the only treatment that produced an elevated heart 
rate (23%) relative to the solvent control; however, this increase was not 
statistically significant. Similarly, stroke volume showed no statistically 
significant differences among treatments (Table 4), although larvae 
exposed to the All PCBs mixture exhibited a notable (non-significant) 
63% increase in stroke volume.

Reductions in cardiac flow activity were observed exclusively in 
treatments involving single PCBs or PCB + PS mixtures (Table 4). Spe
cifically, PCB 18 and PCB 18 + PS (significant for PCB 18 + PS only), 
PCB 81 + PS, PCB 105, and PCB 105 + PS all produced approximately 
50% decreases in arterial flow activity relative to the solvent control. 
PCB 81 alone caused an even greater reduction, with a 79% decrease in 
flow activity. Although not statistically significant, larvae exposed to the 
All PCBs mixture exhibited a pronounced 90% reduction in cardiac flow 

Fig. 2. Principal component analysis (PCA) biplot illustrating the overall relationships between single-compound and mixture treatments of PAHs, PCBs, and PS, and 
the corresponding sub-lethal effects measured in exposed larval zebrafish.

Fig. 3. Correlational analysis illustrating the relationship between mass-specific metabolic rate (MO₂) and EROD activity in larval zebrafish exposed to PAHs, PCBs, 
and/or PS mixtures.
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activity (Table 4).

3.6. Multivariate principal component analysis (PCA) of exposure effects

The PCA biplot revealed a clear separation of treatments and their 
effects on sub-lethal endpoints (Fig. 2). Using a correlation matrix, the 
first two principal components accounted for 41.4% (PC1) and 25.4% 
(PC2) of the standardized variation across traits. Treatments involving 
single PCBs and PCB + PS mixtures clustered along PC2 and were most 
closely aligned with morphological endpoints such as body weight and 
length, indicating that PCB exposures primarily influenced morphology. 
In contrast, single PAHs and PAHs + PS mixtures aligned along PC1 and 
correlated with cardiac performance metrics such as heart rate, stroke 
volume, and flow activity, indicating that PAHs exposures exerted 
dominant effects on cardiovascular function.

Mixture treatments containing All PAHs and All PCBs were strongly 
associated together (along PC1) and showed a strong correspondence 
with metabolic endpoints, specifically mass-specific oxygen consump
tion rate (MO₂) and EROD activity. Similarly, MO₂ and EROD exhibited a 

strong positive and statistically significant correlation (Fig. 3; Pearson's 
r = 0.9289, R2 ≈ 0.94, p < 0.0001). This result indicates a close corre
spondence between CYP1A1-mediated monooxygenase induction 
(indexed by EROD activity) and whole-organism metabolic demand, 
with mixture exposures eliciting pronounced metabolic activation.

4. Discussion

In this study, the sub-lethal effects of single and mixture exposures of 
PAHs, PCBs, and polystyrene (PS) nanoplastics on larval zebrafish were 
examined. The selected PAHs and PCBs reflect the most abundant and 
environmentally relevant contaminants detected in fish collected from 
Matagorda Bay (Texas, USA). Consistent with previous research, expo
sure to both PAHs and PCBs (individually or as mixtures) produced 
adverse effects on metabolic and cardiac function (Incardona et al., 
2004, 2006; Singleman and Holtzman, 2021; Green et al., 2025). The 
sub-lethal toxicity of PS nanoplastics was evaluated both alone and in 
combination with PAHs and PCBs. PS exposure alone did not signifi
cantly alter any measured physiological endpoints. However, co- 
exposure with either PHE or PCB 81 elevated MO₂ by 70% and 57%, 
respectively, suggesting that nanoplastics may modulate the metabolic 
consequences of contaminant exposure. Additionally, significant re
ductions in cardiac blood flow were observed in larvae co-exposed to 
PCB 18 + PS, PCB 81 + PS, and PCB 105 + PS. These findings suggest 
that the observed reductions in cardiovascular performance were spe
cifically associated with PS co-exposure in the presence of PCBs, indi
cating that nanoplastics may also modulate PCB-induced toxicity rather 
than acting independently.

The mechanistic basis for these effects likely involves activation of 
the aryl hydrocarbon receptor (AhR) and subsequent induction of cy
tochrome P450 enzymes through the cytochrome P450 (CYP450) 
mixed-function monooxygenase system (Safe et al., 1985; Moorthy 
et al., 2015). This pathway is specific to planar aromatic contaminants 
such as PAHs and PCBs; polystyrene nanoplastics are not AhR ligands, 
and their contribution to the observed effects must therefore arise 
through a different mechanism. Induction of CYP1A1, a key isoform 
within this enzyme family, is regulated by the aryl hydrocarbon receptor 
(AhR) signaling pathway (Lo and Matthews, 2012). Both AhR and 
CYP450 systems are highly conserved (or shared) among invertebrate 
and vertebrate taxa (Beischlag et al., 2008) and activation of AhR by 
planar aromatic compounds is a central mechanism underlying their 
biological effects (Safe et al., 1985; Denison et al., 2002). Upon activa
tion, AhR upregulates detoxification genes, including those encoding 
CYP450 enzymes (Rowlands et al., 1996; Beischlag et al., 2008). 

Table 3 
EROD (in vivo) activity and mass-specific metabolic rate (MO₂) of zebrafish (n =
10 per treatment) exposed to single compounds and/or mixture treatments of a) 
PAHs (+PS), b) PCBs (+PS), and c) combined PAHs, PCBs, and PS. Asterisks (*p 
< 0.05, **p < 0.01, ***p < 0.001) indicate significant differences from the 
solvent control, whereas different letters denote significant differences among 
treatment groups with and without PS.

Treatments EROD (μM/mg/h) MO2 (μg O2/mg/h)

Without PS With PS Without PS With PS

PAHs
Solvent control 0.99 0.84 2.65 ± 0.35 2.34 ± 0.52
PHE 2.42 2.29 7.35 ± 1.16** 13.46 ± 4.16
PYR 1.20 0.74 5.54 ± 1.58 2.16 ± 0.52
BaA 0.90 0.96 3.03 ± 0.78 5.32 ± 1.92
IcdP 1.16 1.07 2.64 ± 0.40 2.54 ± 0.41

PCBs
Solvent control 0.61 2.06 ± 0.28
PCB 18 0.47 0.48 1.49 ± 0.20 0.89 ± 0.33
PCB 81 0.61 1.25 0.86 ± 0.20 4.40 ± 1.08
PCB 105 0.47 0.72 1.21 ± 0.25 1.46 ± 0.29

All PAHs/PCBs
Solvent control 1.36 5.24 ± 0.65
All PAHs 2.63 2.82 8.24 ± 0.94 4.35 ± 0.94
All PCBs 6.78 2.41 21.84 ± 3.83*** a 11.65 ± 3.91 b

Table 4 
Heart rate, stroke volume, and blood-flow activity of zebrafish (n = 5 per treatment) exposed to single compounds and/or mixture treatments of a) PAHs (+PS), b) PCBs 
(+PS), and c) combined PAHs, PCBs, and PS. Asterisks (*p < 0.05, **p < 0.01, ***p < 0.001) indicate significant differences from the solvent control.

Treatment Heart rate (beats/min) Stroke vol (μl) Flow activity (%)

Without PS With PS Without PS With PS Without PS With PS

PAHs
Solvent control 129.36 ± 11.75 117.07 ± 12.69 0.05 ± 0.01 0.05 ± 0.02 10.91 ± 1.65 11.66 ± 0.23
PHE 126.74 ± 11.67 128.44 ± 13.53 0.05 ± 0.01 0.04 ± 0.02 9.45 ± 1.79 4.47 ± 1.82
PYR 137.40 ± 9.63 143.55 ± 5.59 0.03 ± 0.00 0.05 ± 0.01 8.12 ± 0.69 9.43 ± 1.57
BaA 140.63 ± 4.61 162.16 ± 2.72 0.03 ± 0.01 0.06 ± 0.02 10.75 15.77 ± 1.21
IcdP 155.27 ± 4.86 151.76 ± 3.07 0.05 ± 0.01 0.04 ± 0.01 7.43 ± 1.53 12.41 ± 1.53

PCBs
Solvent control 96.86 ± 13.07 0.03 ± 0.00 11.63 ± 1.52
PCB 18 115.58 ± 9.11 97.56 ± 22.33 0.04 ± 0.02 0.01 ± 0.00 10.63 ± 0.86 5.82 ± 1.43*
PCB 81 128.50 ± 11.38 118.13 ± 13.64 0.02 ± 0.01 0.02 ± 0.01 2.48 ± 0.88*** 5.48 ± 0.71*
PCB 105 97.38 ± 17.45 104.30 ± 20.51 0.03 ± 0.01 0.01 ± 0.00 7.72 ± 0.75 5.40 ± 0.83*

All PAHs/PCBs
Solvent control 127.88 ± 1.95 0.02 ± 0.01 5.52 ± 1.26
All PAHs 110.74 ± 7.10 137.55 ± 3.54 0.02 ± 0.01 0.02 ± 0.00 5.71 ± 1.75 5.60 ± 0.75
All PCBs 120.41 ± 6.94 114.26 ± 17.07 0.05 ± 0.01 0.03 ± 0.01 2.88 ± 0.91 5.09 ± 0.36

A. Mortuza et al.                                                                                                                                                                                                                                Comparative Biochemistry and Physiology, Part C 308 (2026) 110633 

7 



Aberrant AhR signaling and excessive CYP1A1 induction under PAH and 
PCB exposure are widely recognized drivers of developmental, meta
bolic, and cardiac toxicity (Incardona et al., 2004, 2014; Cherr et al., 
2017; Takeshita et al., 2021). These adverse outcomes are thought to 
arise from CYP1A1 catalytic uncoupling, which disrupts electron 
transfer during monooxygenation reactions. This uncoupling generates 
reactive oxygen species, leading to oxidative stress and downstream 
cellular damage, including organelle disruption and DNA strand breaks 
(Wassenberg and Di Giulio, 2004; Green et al., 2008).

The mechanism by which PS nanoplastics modulate PCB-induced 
toxicity is likely indirect, operating through their physicochemical 
interaction with co-occurring contaminants rather than through AhR 
signaling. Owing to their high surface area and hydrophobicity, nano
plastics can sorb hydrophobic organic contaminants such as PCBs and 
PAHs, altering their bioavailability and acting as a vector that facilitates 
particle-associated uptake across biological membranes (Velzeboer 
et al., 2014; Koelmans et al., 2016). Once internalized, nanoplastics 
may also enhance contaminant toxicity through independent particle- 
level effects, including the generation of reactive oxygen species, 
membrane destabilization, and mitochondrial dysfunction, which can 
compound the oxidative stress already produced by CYP1A1 uncoupling 
(Brun et al., 2019; Bhagat et al., 2020). Together, these processes pro
vide a plausible basis for the enhanced metabolic and cardiovascular 
responses observed under PCB + PS co-exposure, whereby the nano
plastic increases the effective internal dose and oxidative burden of the 
co-contaminant without itself activating the AhR pathway.

4.1. Exposure effects on morphometric parameters

The developmental toxicity of the selected contaminants was clearly 
evidenced by significant alterations to key morphometric parameters, 
including body weight, ocular and craniofacial area. The most severe 
outcomes were observed in the complex mixture groups. The complete 
mortality observed in the All PAHs + PCBs and All PAHs + PCBs + PS 
groups indicates an increased combined toxicity (although no significant 
Bliss interation), despite the individual contaminant concentrations 
being lower than acute toxicity thresholds (Billiard et al., 2006). Sub
lethal toxicity data was not acquired for groups with complete mortality 
(Fig. 1c). The stunted craniofacial development in the high mortality 
groups could be indicators of systemic developmental disruption 
(Raghunath and Perumal, 2018; Liu et al., 2020).

Individual PCBs (with or without PS) and particularly the dioxin-like 
PCB 81, were the largest driver of correlation observed in morphological 
data such as length and weight (Fig. 2). For example, exposures to PCB 
81, All PCBs, and the complex All PAHs + PCBs mixtures, were consis
tently associated with the stunted craniofacial development (Fig. 1). 
This is consistent with the known potency of PCB 81 as a high-affinity 
ligand (Kd ≈ 5 nM) for the AhR (Hestermann et al., 2000). AhR acti
vation drives the transcription of genes such as CYP1A, which can 
generate reactive oxygen species and disrupt normal signaling pathways 
critical for cardiovascular and craniofacial development; additionally, 
AhR-mediated interference with VEGF signaling has been implicated in 
the vascular defects and edema observed in zebrafish embryos 
(Incardona et al., 2004, 2011; Billiard et al., 2006). The significant 43% 
decrease in body weight in the PCB 81 + PS group, likely reflects 
developmental effects, underscoring its toxicity (Şişman et al., 2007; 
Singleman et al., 2021) (Table 3).

The role of PS nanoplastics appeared to be complex, modulating the 
toxicity of co-exposed chemicals in a manner that was not uniform. Our 
finding that the BaA + PS group exhibited a significant decrease in total 
length compared to controls suggest that PS co-exposure contributed to 
BaA's toxicity for this endpoint, although no significant Bliss interaction 
was observed (Sim et al., 2023; Tumwesigye et al., 2023). However, the 
co-exposure with PS did not lead to straightforward additive or syner
gistic toxicity. For instance, while the All PCBs group showed significant 
decrease in weight, the presence of PS showed no significant difference 

from the control group (Table 3). This suggests that the nanoplastics 
modify pollutant availability, potentially through competitive adsorp
tion (due to affinity) among multiple contaminants on the plastic surface 
(Bakir et al., 2012). The sorption of chemicals to plastics can, in some 
cases, also reduce the freely available fraction in the water, potentially 
ameliorating the effects of exposure (Heinrich and Braunbeck, 2019; 
Sørensen et al., 2020). In a study conducted by Wang et al. (2022), 
zebrafish exposed to 100 μg/L PVC-MPs or 71 μg/L Di(2-ethylhexyl) 
phthalate (6 hpf to 9 dpf exposure) showed strong developmental, 
oxidative, and cardiac toxicity under single-pollutant conditions, but the 
combined microplastics exposure consistently produced lower toxicity 
(across hatching success, mortality, ROS production, and heart devel
opment) than either chemical alone. This antagonistic effect is due to 
PVC-MPs adsorbing Di(2-ethylhexyl) phthalate, thus reducing its 
bioavailability (Wang et al., 2022). Similarly, Coffin et al. (2020)
showed BaP alone to significantly induce CYP1A (EROD) activity and 
impair phototaxis in juvenile white seabass (Atractoscion nobilis), while 
BaP-sorbed to polystyrene microplastics produced no measurable effects 
on enzyme activity or movement after 5 days of exposure. This indicates 
that the BaP sorbed onto plastics was less bioavailable than the freely 
dissolved BaP (Coffin et al., 2020).

4.2. Exposure effects on EROD activity and metabolic rate (MO2)

The strong correlation between MO₂ and EROD activity suggests a 
functional linkage between metabolic rate and CYP1A-mediated 
biotransformation (Fig. 3). As described earlier, CYP450 enzymes 
catalyze mono‑oxygenation reactions in which one atom of molecular 
oxygen (O₂) is incorporated into the substrate while the second atom is 
reduced to H₂O, a process that requires reducing equivalents such as 
NADPH (Miller, 2005; Guengerich, 2018). These oxidoreductase re
actions are energetically demanding, and the catalytic activity of 
CYP450 enzymes is inherently dependent on the availability of molec
ular oxygen. The substantial catabolic power associated with CYP450- 
mediated oxidation (Jabłońska and Tawfik, 2022) therefore provides a 
mechanistic basis for the observed coupling between oxygen consump
tion and EROD activity. While the strong EROD–MO₂ correlation is 
consistent with CYP1A-linked oxygen demand, it may also reflect par
allel induction of metabolic and detoxification pathways by AhR ago
nists. Thus, our data support co-induction rather than a direct causal 
relationship between CYP1A catalytic activity and whole-organism ox
ygen consumption.

This relationship is reflected in the PCA results (Fig. 2), where 
exposure to PAH and PCB mixtures (All PAHs and All PCBs) produced 
strong co-variation between EROD activity and MO₂. These findings 
indicate that in vivo EROD activity may serve as a useful proxy for ox
ygen consumption rate under conditions where pollutants share struc
tural and mechanistic features. In particular, planar or co-planar 
polycyclic aromatic compounds such as PAHs and PCBs activate com
mon pathways including AhR signaling and CYP450 induction, which 
can lead to additive or synergistic toxicological effects (Birnbaum and 
DeVito, 1995; Berg et al., 2006). Under such conditions, elevated 
CYP1A1 catalytic activity likely increases oxygen demand, thereby 
linking biotransformation capacity with whole-organism metabolic rate.

Overall, our study showed that exposure to the polystyrene (PS) 
nanoplastics alone did not induce any significant responses in the bio
markers measured. Rather co-exposure with contaminants showed 
modulatory effects, likely through the mechanism of kinetics, bioavail
ability and competitive pollutant sorption. For example, PHE alone 
caused a significant 46% increase in MO₂ relative to the solvent control, 
and this response was amplified, with the PHE + PS group showing a 
70% increase in metabolic rate. Bliss analysis confirmed this as a sig
nificant synergistic interaction, the observed MO₂ of the PHE + PS group 
exceeding the predicted additive value (observed = 13.46 ± 4.16 vs. 
predicted = 7.59 μg O₂/mg/h; Δ = +5.87, p < 0.05). This vector- 
mediated enhancement is consistent with a “Trojan horse” mechanism 
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(Trevisan et al., 2020), whereby sorption of a single hydrophobic 
contaminant onto PS increases its co-ingestion and internal delivery, 
raising the bioavailable dose above that of the freely dissolved com
pound (Bakir et al., 2012), and is supported by comparable findings in 
the literature such as the following. A study by Xu et al. (2021) found 
that adult zebrafish exposed for 12–24 days to 0.2 mg/L PHE together 
with 150 μm PS at 3 mg/L showed increased PHE accumulation, 
amplified oxidative-stress responses, heightened immune-gene activa
tion, and greater gut-microbiome disruption compared with single- 
pollutant exposure (Xu et al., 2021). Ji et al. (2021) showed that poly
styrene nanoplastics could act as efficient vectors for PAHs, with PS–BAP 
exposures (100 mg/kg PS + 2 mg/kg Bap) producing markedly higher 
cellular uptake and significantly stronger oxidative-stress and inflam
matory responses than BAP alone at the same PAH dose (Ji et al., 2021).

In contrast, antagonistic effects emerged in the complex mixture. The 
All PCBs mixture caused a significant 84% increase in MO₂, yet co- 
exposure with PS (All PCBs + PS) resulted in a 47% decrease in MO₂ 
relative to the PCBs-only group (Table 4). Bliss analysis confirmed this 
reversal as a significant antagonistic interaction (observed MO₂ = 11.65 
± 3.91 vs. predicted = 23.17 μg O₂/mg/h; Δ = − 11.52, p < 0.05), 
indicating that in complex mixtures PS reduced the bioavailability of 
certain congeners and exerted a protective effect (Sørensen et al., 2020; 
Martín et al., 2022). This contrast between the synergism of the isolated 
congener (PCB 81 + PS) and the antagonism of the full complex mixture 
can be explained by competitive sorption kinetics: because sorption af
finity to PS scales with hydrophobicity (log Kow), the more hydrophobic 
congeners (PCB 81, log Kow = 6.42; PCB 105, ≈ 6.65) preferentially 
occupy the limited sorption sites when all congeners compete simulta
neously, lowering the effective bioavailable fraction of the mixture as a 
whole (Llorca et al., 2020; Wang et al., 2020; Zhao et al., 2020). AhR 
pathway competition may further contribute, as the non-dioxin-like 
congener PCB 18 can dampen the AhR-mediated signal driven by the 
dioxin-like congeners, attenuating the collective metabolic response 
(Bakir et al., 2012).

The most pronounced toxicity was consistently associated with any 
treatment containing PCB 81, a potent dioxin-like congener (Giesy and 
Kannan, 1998). This dominance was borne out by the interaction anal
ysis, in which PCB 81 + PS was the only PCB pairing to produce sig
nificant synergism for MO₂ (observed = 4.40 ± 1.08 vs. predicted =
0.48 μg O₂/mg/h; Δ = +3.92, p < 0.05). Its influence likely explains the 
toxic response in the All PCBs mixture, which elicited the highest 
observed EROD induction (80% increase relative to the solvent control) 
and a statistically significant 84% elevation in metabolic rate as MO₂. 
The direct potency of this congener is evident, as the PCB 81 + PS 
exposure alone increased EROD activity by 51% and MO₂ by 57% 
(Table 4). As a non-ortho, coplanar molecule, PCB 81 is a potent agonist 
of the AhR, and activation of this pathway is a well-established mech
anism for metabolic disruption and cardiotoxicity (Hestermann et al., 
2000; Singleman and Holtzman, 2021). These results strongly indicate 
that the overall toxicity of the PCBs mixture was disproportionately 
driven by this single, high-potency congener. This is further supported 
by its toxic equivalency factor (TEF), which is 10× greater than that of 
PCB 105 (0.0003 for PCB 81 vs. 0.00003 for PCB 105) (Van den Berg 
et al., 2006), despite being present at half the concentration (0.002 
μM for PCB 81 vs. 0.004 μM for PCB 105) in the treatment samples 
(Mortuza et al., 2025).

4.3. Exposure effects on cardiac parameters

Exposure to microplastics has been shown to induce cardiotoxic ef
fects in fish (Persiani et al., 2023). A study by Sun et al. (2021) showed 
that embryo-larval zebrafish (up to 4 dph) exposed to 200 μg/L of 0.1 μm 
polyethylene (PE) nanoplastic beads exhibited increased pericardial 
edema and reduced blood flow, while heart rate remained unaffected. In 
their study, vascular endothelial damage led to vasodilation of blood 
vessels, which in turn decreased blood flow without altering cardiac 

rhythm (Sun et al., 2021). Similarly, in our study, reduced cardiac flow 
activity in several PCB + PS co-exposure groups, specifically PCB 18 +
PS, PCB 81 + PS, and PCB 105 + PS were observed (Table 4). However, 
the concentration of plastics used here was 20-fold lower than that used 
by Sun et al. (2021). At an equivalent concentration to ours (10 μg/L), 
Sun et al. reported no detectable effects of PE microplastics on blood 
flow in embryo-larval zebrafish. This comparison strongly suggests that 
the reductions in cardiac flow observed in our PCB + PS treatments were 
primarily driven by PCB toxicity rather than by PS nanoplastics. This 
interpretation is further supported by the absence of any statistically 
significant effects on cardiac flow in the PS-only treatment group. Bliss 
Independence testing revealed that for PCB 81 + PS, the observed flow 
activity did not differ significantly from the additive prediction (Δ =
+1.57%, p > 0.05); because PCB 81 alone already produced a significant 
reduction in flow activity, this confirms that PCB 81, rather than PS, was 
the primary driver, with PS providing no additional reduction. In a study 
conducted by Green et al. (2025), exposing zebrafish embryos to the 
PCBs mixture Aroclor 1254 caused concentration-dependent brady
cardia, with heart rates decreasing as PCBs tissue levels increased. In 
addition, larvae exhibited a novel tremor behavior, highlighting both 
cardiac and neurological developmental toxicity (Green et al., 2025). 
PCBs are well-documented to accumulate in human tissues, and elevated 
PCB body burdens have been associated with hypertension and other 
vascular dysfunctions (Goncharov et al., 2011; Perkins et al., 2016). In 
the context of our study, it remains unclear whether the reduced cardiac 
blood flow observed in several PCB + PS treatment groups (Table 5) 
reflects early-stage vascular impairment that could later manifest as 
hypertension or altered vascular tone. Nonetheless, these findings 
highlight the value of incorporating cardiac morphology and functional 
endpoints into toxicity assessments. Such biomarkers may reveal 
conserved mechanisms of adverse effects shared across wildlife and 
humans exposed to persistent pollutants (PAHs, PCBs) and emerging 
contaminants such as NMPs.

The PCA analysis (Fig. 2) indicates that much of the correlation in 
cardiac performance (i.e., heart rate, stroke volume, and flow activity) is 
strongly associated with single treatment PAHs, such as for PHE, BaA 
and IcdP. This result agrees with findings from Incardona et al. (2004), 
who demonstrated that exposure of zebrafish embryos to specific PAHs, 
such as PHE and DBT (dibenzothiophene), induced severe cardiac 
dysfunction prior to the onset of morphological abnormalities 
(Incardona et al., 2004). Three-ring PAHs, such as PHE, primarily 
disrupt cardiac function by interfering with specific cardiac ion channels 
(potassium and calcium channels), leading to secondary developmental 
defects in organs and skeletal structures as well as edema from disrup
tion in blood flow. Additionally, four and five-ring PAHs such as PYR 
and BaP (benzo[a]pyrene) utilize the AhR pathway, leading to the in
duction of CYP1A enzymes and subsequent toxic effects, which typically 
include anemia and peripheral vascular defects (Incardona et al., 2006, 
2011). These findings indicate two distinct, and potentially interactive, 
mechanisms of toxicity in aquatic vertebrates. The first, a direct inter
ference with cardiac ion channels, and the second involving AhR- 
mediated signaling that induces CYP1A activity and subsequent toxic 
effects. (Incardona et al., 2004, 2006, 2011). Therefore, our results 
indicate that PAHs exert a more direct and pronounced effect on cardiac 
performance, consistent with their role as potent cardio toxicants during 
early developmental life stages (Incardona et al., 2011; Incardona and 
Scholz, 2016; Cunha et al., 2020; Sim et al., 2023).

4.4. Implications for wildlife toxicity

The differential responses observed between chemical and NMP 
particulate contaminants likely reflect fundamental differences in mode 
of action. PAHs and PCBs are well-known ligands of the aryl hydrocar
bon receptor (AHR) and elicit downstream CYP1A induction, increasing 
metabolic demand and contributing to cardiotoxicity (Willett et al., 
1997; Nilsen et al., 1998; Incardona et al., 2004; Wassenberg and Di 
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Giulio, 2004; Green et al., 2008; Singleman and Holtzman, 2021). The 
strong correspondence between EROD activity and elevated MO₂ 
observed in this study underscores the energetic cost associated with 
CYP450-mediated biotransformation (Miller, 2005; Guengerich, 2018; 
Jabłońska and Tawfik, 2022). In contrast, NMPs lack known biological 
molecular initiating events (i.e., target receptors or enzymes), which 
may explain their comparatively low toxicity despite being orders of 
magnitude more abundant than PAHs and PCBs in aquatic biota 
(Mortuza et al., 2025). Conversely, NMPs associated toxicity may stem 
from particle accumulation within tissues and subsequent inflammatory 
responses (Li et al., 2020; Pirsaheb et al., 2020; Zhao et al., 2021; 
Mahmud et al., 2024). Moreover, plastics may serve as carriers for sor
bed contaminants or release plastic additives such as plasticizers (with 
well understood toxicities), which can contribute to adverse health ef
fects (Meeker et al., 2009; Bakir et al., 2012; Rochman et al., 2014b; 
Hahladakis et al., 2018; Campanale et al., 2020; Gardon et al., 2020; 
Herrera et al., 2022). Overall, we expect PAHs and PCBs body-burdens 
to be prominent drivers of sub-lethal toxicity in exposed aquatic biota. 
However, continued investigation of NMPs is warranted due to their 
ubiquity, potential additive effects in contaminant mixtures, and their 
capacity to transport sorbed chemicals or release plastic additives such 
as plasticizers. Given these considerations, reduction in the use of single- 
use plastics is recommended as a precautionary measure to limit envi
ronmental loading.

5. Conclusions

In this study, exposure of larval zebrafish to mixtures of PAHs or 
PCBs resulted in a pronounced induction of CYP450-mediated 
biotransformation activity, as reflected by elevated EROD responses. 
This increase in EROD activity coincided with higher metabolic (oxygen 
consumption) rates (MO₂), suggesting that the enhanced metabolic de
mand for molecular oxygen supports the co-induction of mono‑oxyge
nation reactions catalyzed by CYP450 enzymes. In contrast, exposure to 
polystyrene (PS) nanoplastic particles alone did not produce significant 
changes in any of the measured biomarkers. However, when fish were 
co-exposed to PHE + PS or PCB 81 + PS, MO₂ levels increased by 70% 
and 57%, respectively, relative to the solvent control (0.1% DMSO), 
indicative of synergistic effects (according to Bliss Independence anal
ysis). Additionally, a significant reduction in cardiac blood flow in 
larvae exposed to PCB 18, PCB 81, and PCB 105 in combination with PS 
was observed. This was attributed primarily to the PCB co-exposure with 
PS, as PS nanoplastics alone did not alter blood flow. Overall, our 
findings demonstrate that in vivo EROD activity serves as a useful proxy 
for MO₂-based assessments of PAH and PCB exposure and underscore the 
importance of incorporating multi-biomarker sublethal toxicity evalu
ations of both persistent pollutants (PAHs, PCBs) and emerging con
taminants such as NMPs mixtures in environmentally relevant 
concentrations.
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Ugwu, K., Herrera, A., Gómez, M., 2021. Microplastics in marine biota: a review. Mar. 
Pollut. Bull. 169, 112540. https://doi.org/10.1016/j.marpolbul.2021.112540.

Ulbrich, B., Stahlmann, R., 2004. Developmental toxicity of polychlorinated biphenyls 
(PCBs): a systematic review of experimental data. Arch. Toxicol. 78 (5), 252–268.

Umamaheswari, S., Priyadarshinee, S., Kadirvelu, K., Ramesh, M., 2021. Polystyrene 
microplastics induce apoptosis via ROS-mediated p53 signaling pathway in 
zebrafish. Chem. Biol. Interact. 345, 109550.

Van den Berg, M., Birnbaum, L.S., Denison, M., De Vito, M., Farland, W., Feeley, M., 
Fiedler, H., Hakansson, H., Hanberg, A., Haws, L., Rose, M., Safe, S., Schrenk, D., 
Tohyama, C., Tritscher, A., Tuomisto, J., Tysklind, M., Walker, N., Peterson, R.E., 
2006. The 2005 World Health Organization reevaluation of human and mammalian 
toxic equivalency factors for dioxins and dioxin-like compounds. Toxicol. Sci. 93 (2), 
223–241. https://doi.org/10.1093/toxsci/kfl055.

Vandermeulen, J., 1987. Toxicity and sublethal effects of petroleum hydrocarbons in 
freshwater biota. In: Oil in Freshwater: Chemistry, Biology, Countermeasure 
Technology, pp. 267–303.

Velzeboer, I., Kwadijk, C.J.A.F., Koelmans, A.A., 2014. Strong sorption of PCBs to 
nanoplastics, microplastics, carbon nanotubes, and fullerenes. Environ. Sci. Technol. 
48 (9), 4869–4876. https://doi.org/10.1021/es405721v.

Verbruggen, E., 2012. Environmental Risk Limits for Polycyclic Aromatic Hydrocarbons 
(PAHs): For Direct Aquatic, Benthic, and Terrestrial Toxicity.

Wang, J., Tan, Z., Peng, J., Qiu, Q., Li, M., 2016. The behaviors of microplastics in the 
marine environment. Mar. Environ. Res. 113, 7–17.

Wang, F., Zhang, M., Sha, W., Wang, Y., Hao, H., Dou, Y., Li, Y., 2020. Sorption behavior 
and mechanisms of organic contaminants to nano and microplastics. Molecules 25 
(8), 1827.

Wang, L., Wu, W.-M., Bolan, N.S., Tsang, D.C.W., Li, Y., Qin, M., Hou, D., 2021. 
Environmental fate, toxicity and risk management strategies of nanoplastics in the 
environment: current status and future perspectives. J. Hazard. Mater. 401, 123415. 
https://doi.org/10.1016/j.jhazmat.2020.123415.

Wang, H., Wang, Y., Wang, Q., Lv, M., Zhao, X., Ji, Y., Han, X., Wang, X., Chen, L., 2022. 
The combined toxic effects of polyvinyl chloride microplastics and di(2-ethylhexyl) 
phthalate on the juvenile zebrafish (Danio rerio). J. Hazard. Mater. 440, 129711. 
https://doi.org/10.1016/j.jhazmat.2022.129711.

Wang, H., Wang, Q., Lv, M., Li, J., Zhao, X., Song, Z., Wang, X., You, J., Wang, Y., 
Chen, L., 2023. Marine micro(nano)plastics determination and its environmental 
toxicity evaluation. TrAC Trends Anal. Chem. 168, 117332. https://doi.org/ 
10.1016/j.trac.2023.117332.

Wassenberg, D.M., Di Giulio, R.T., 2004. Synergistic embryotoxicity of polycyclic 
aromatic hydrocarbon aryl hydrocarbon receptor agonists with cytochrome P4501A 
inhibitors in Fundulus heteroclitus. Environ. Health Perspect. 112 (17), 1658–1664. 
https://doi.org/10.1289/ehp.7168.

Wei, Z., Wang, Y., Wang, S., Xie, J., Han, Q., Chen, M., 2022. Comparing the effects of 
polystyrene microplastics exposure on reproduction and fertility in male and female 
mice. Toxicology 465, 153059.

Wharton, M., Gahn, M.B., Hala, D., Du, J., Park, K., Kaiser, K., 2024. Quantifying 
Microplastic Contamination in Galveston Bay and the Gulf of Mexico watershed. In: 
Proceedings of the American Geophysical Union, Ocean Sciences Meeting, New 
Orleans, LA.

Whyte, J.J., Jung, R., Schmitt, C., Tillitt, D., 2000. Ethoxyresorufin-O-deethylase (EROD) 
activity in fish as a biomarker of chemical exposure. Crit. Rev. Toxicol. 30 (4), 
347–570.

Wickham, H., 2016. ggplot2: Elegant Graphics for Data Analysis, 2nd ed. Springer-Verlag 
New York. https://doi.org/10.1007/978-3-319-24277-4.

Wickham, H., Vaughan, D., Girlich, M., 2024. tidyr: Tidy Messy Data. Comprehensive R 
Archive Network (CRAN). https://CRAN.R-project.org/package=tidyr.

Willett, K.L., McDonald, S.J., Steinberg, M.A., Beatty, K.B., Kennicutt, M.C., Safe, S.H., 
1997. Biomarker sensitivity for polynuclear aromatic hydrocarbon contamination in 
two marine fish species collected in Galveston Bay, Texas. Environ. Toxicol. Chem. 
16 (7), 1472–1479. https://doi.org/10.1002/etc.5620160721.

Williams, A.K., Bacosa, H.P., Quigg, A., 2017. The impact of dissolved inorganic nitrogen 
and phosphorous on responses of microbial plankton to the Texas City “Y” oil spill in 
Galveston Bay, Texas (USA). Mar. Pollut. Bull. 121 (1–2), 32–44.

Winneke, G., Walkowiak, J., Lilienthal, H., 2002. PCB-induced neurodevelopmental 
toxicity in human infants and its potential mediation by endocrine dysfunction. 
Toxicology 181, 161–165.

Wright, S.L., Thompson, R.C., Galloway, T.S., 2013. The physical impacts of 
microplastics on marine organisms: a review. Environ. Pollut. 178, 483–492.

Xu, K., Zhang, Y., Huang, Y., Wang, J., 2021. Toxicological effects of microplastics and 
phenanthrene to zebrafish (Danio rerio). Sci. Total Environ. 757, 143730. https:// 
doi.org/10.1016/j.scitotenv.2020.143730.

Yang, D., Shi, H., Li, L., Li, J., Jabeen, K., Kolandhasamy, P., 2015. Microplastic pollution 
in table salts from China. Environ. Sci. Technol. 49 (22), 13622–13627.
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